Nitrogen pollution in urban and rural groundwater is a common problem and it poses a major threat to groundwater-based drinking water supplies. In this study, a kinetic model is developed to study nitrification-denitrification reactions in groundwater aquifers. A new reaction module for the reactive transport in three-dimensions (RT3D) code is developed and tested to describe the fate and transport of nitrogen species, dissolved oxygen (DO), dissolved organic carbon (DOC) and biomass. The proposed model is verified against some published numerical results and analytical solutions. The model is later used to study the field-scale nitrogen transformations at a cattle feedlot site within the Vasse Research Station, located south of Busselton in Western Australia. Modeling results compare favorably with the field data. The developed model describing nitrification and denitrification reactions is a useful framework for simulating the fate and transport of nitrogen species in groundwater aquifers.
Introduction
Nitrogen, originating from agricultural sites, animal feedlots, septic tanks and other waste disposal sites, is one of the most common contaminants in groundwater. In soil-groundwater systems, nitrogen species consist of ammonium-nitrogen (NH 4 -N), nitrite-nitrogen problem. The threat of methemoglobinemia causing severe oxygen deprivation, especially in children, is well documented and is also reflected in the U.S. drinking water standard of 10 mg/l as nitrate-nitrogen (EPA, 1980) . There have been many studies on the adverse health effects of nitrate and nitrite in drinking water (Bosch et al., 1950; Shuval and Gruener, 1977; NAS, 1978; White, 1983; Dorsch et al., 1984) . There are other environmental consequences that arise due to excess nitrogen being leached into the groundwater. Excess nitrate can contribute to eutrophication and can also be toxic to some aquatic organisms.
In many cases, the study of nitrogen transport is complicated by the presence of various nitrogen species and the transformations that can occur in the saturated zone due to ambient microbial processes. The objectives of this paper are to develop a nitrogen transport and transformation model for saturated groundwater systems and assess its performance by applying it to a field site contaminated by nitrogen. Details of the mathematical model that describes the nitrification-denitrification coupled processes are presented. The model is coded as a reaction module within the public-domain reactive transport code reactive transport in three-dimensions (RT3D; Clement et al., 1998) .
In order to verify the proposed model, data regarding concentrations of ammonia, nitrate and dissolved oxygen (DO) transported in saturated porous media coupled with nitrification and denitrification processes are taken from the literature (Widdowson et al., 1988; Kindred and Celia, 1989) and are used in the validation step. Further, model calibration and validations are performed to reproduce the contamination distribution patterns observed at a field site in Australia.
Conceptual model: nitrogen transformations
Fig. 1 outlines the major concepts of nitrogen transformations associated with the soil-groundwater environment in the vicinity of a feedlot. The bulk of the nitrogen in wastewater at the feedlot is in the form of aqueous ammonium (NH 4 + ). Most sediment and soil colloid surfaces are negatively charged, giving them the ability to act as cation exchangers. The ammonium anion can therefore be immobilized geochemically by adsorption to aquifer sediments. Otherwise, ammonia may be rapidly oxidized to nitrite (NO 2 − ) in the presence of oxygen by the autotrophic ammonia-oxidizing bacteria (the major genera is Nitrosomonas). This is the first step in the process of nitrification, which is a two- stage oxidation process mediated by the autotrophic ammonia-oxidizing bacteria (the nitrosifiers). In the second step, the autotrophic nitrite-oxidizing bacteria (the true nitrifying bacteria) oxidize nitrite to nitrate. The ammonia-oxidizing bacteria are effective in converting ammonium to nitrite. Nitrite is a rather unstable nitrogen species, which will generally be reduced or oxidized. The nitrite-oxidizing bacteria (the major genera is Nitrobacter) then oxidize nitrite to nitrate (NO 3 − ). Nitrate is quite soluble in water and is not significantly adsorbed by clay-rich soils because it is an anion. Nitrate represents the stable end product of the nitrification process (Behnke, 1975) . Usually, nitrification occurs mostly in the aerobic unsaturated zone. It is common knowledge that nitrification is an oxic process. However, recent investigations have shown that at least ammonia oxidizers are able to oxidize ammonia under anoxic conditions Bock, 1997, 1998) . Moreover, a new planctomycete has been described that is capable of anoxic ammonia oxidation by a mechanism not yet fully understood (Strous et al., 1999) . DeSimone and Howes (1998) suggested that nitrification in the suboxic saturated zone, along with oxidation of the residual organic carbon, may have buffered oxygen in the plume.
Below the groundwater table, nitrate is reduced to nitrogen gas by denitrification. This process occurs primarily in anoxic conditions and involves heterotrophic bacteria (the major genera is Paracoccus, Pseudomonas). Additionally, once the concentration of nitrogen gas in the groundwater reaches saturation, it tends to migrate out of the saturated zone (Korom, 1992) . However, although denitrification takes place preferably under anoxic conditions, oxic denitrification has been described by Robertson et al. (1989) .
Model development
In this section, a mathematical model for predicting the fate and transport of nitrogen species, dissolved organic carbon (DOC), DO and biomass in the groundwater environment systems is presented. This study uses the RT3D code to analyze the nitrogen transport in saturated groundwater systems. The RT3D code solves the coupled partial differential equations that describe reactive transport of multiple mobile and/or immobile species in three-dimensional saturated groundwater systems (Clement, 1997) . RT3D requires the groundwater flow code a MODular three-dimensional finite-difference groundwater FLOW model (MOD-FLOW; McDonald and Harbaugh, 1988) for computing spatial and temporal variations in groundwater head distribution. The RT3D code uses the operator-split strategy, which allows definitions of different reaction models through a plug-in user-defined reaction module (Clement, 1997; Clement et al., 1998 Clement et al., , 2000 . In this study, a kinetic model is developed to analyze the nitrification-denitrification reaction in groundwater systems. Then a new reaction module for the RT3D is developed to describe the fate and transport of nitrogen species, DOC, DO and biomass in the groundwater environment systems.
Studies on nitrogen transformation associated with first-order kinetics can be found in Chowdary et al. (2004) , Clement (2001) , Senzia et al. (2002) and Vanclooster et al. (1995) . Senzia et al. (2002) presented a dynamic rational model for nitrogen transformation, and investigated the main mechanisms for nitrogen removal in primary facultative ponds. In their work, denitrification was modeled using first-order kinetics while nitrification was modeled based on Monod kinetics. Studies on reactive transport in the saturated/unsaturated zone with multiple-Monod expressions for processes converting ammonium to molecular nitrogen can be found in Essaid et al. (1995) , Kindred and Celia (1989) , Kinzelbach et al. (1991) , Clement et al. (1997) , and . proposed a theoretical development of multicomponent transport simulation in a shallow aquifer and applied their model to a field nitrogen transport problem. The model proposed in this study added the capability of computing nitrite-nitrogen using a full Monod kinetic model. Thus, it was possible to compare the computed nitrite-nitrogen concentration in the reaction process from ammonium to nitrate with the field-measured nitrite-nitrogen concentration as shown in Fig. 8(c and d) .
Solute transport
In RT3D, the general macroscopic equations describing the fate and transport of aqueous-and solidphase species, respectively, in multi-dimensional satu-rated porous media are represented as (Clement, 1997) :
where n is the total number of species, m the total number of aqueous-phase (mobile) species (whence n-m is the total number of solid-phase or immobile species), C k the aqueous-phase concentration of the kth species (ML −3 ),C im the solid-phase concentration of the imth species (MM −1 ), D ij the hydrodynamic dispersion coefficient (L 2 T −1 ), v i the pore velocity (LT −1 ), q s the volumetric flux of water per unit volume of aquifer that represents sources and sinks (T −1 ), φ the porosity, C s k the concentration of source/sink (ML −3 ), r k represents all aqueous-phase reaction rate terms that describe the mass of the species removed or produced per unit volume per unit time (ML 3 T −1 ) andr im represents all solid-phase reaction rate terms (MM −1 T −1 ).
Biogeochemical reactions
The multiple-Monod kinetics (Molz et al., 1986; Widdowson et al., 1988; Kinzelbach et al., 1991; Lindstrom, 1992; Chen et al., 1992; Essaid et al., 1995; MacQuarrie and Sudicky, 1997; Lu et al., 1999) are used for describing the biodegradation reaction processes that involve several solutes. The kinetic rate equations are used to describe all of the major reaction processes in the RT3D. The formulation assumes that the biodegradation reaction is limited by the concentration of all substances involved in the reaction (Essaid et al., 1995) . Based on these assumptions, the multipleMonod kinetics for biodegradation reaction process p are given by:
where r p is the substrate utilization rate for reaction process p (ML −3 T −1 ), µ p max the maximum substrate utilization rate for reaction process p (T −1 ), X m the biomass concentration of the population m responsible for the reaction (ML −3 ), C 1 ,C 2 , . . ., C n are the aqueous species concentrations (ML −3 ) and
are the half-saturation constants for the respective species (ML −3 ). The competitive inhibition model is used to represent the inhibition of a secondary substrate when the primary substrate is still present (Essaid et al., 1995) . I b (X m ) and I nc (C I ) are referred to as the biomass and non-competitive inhibition terms, respectively (Lehninger, 1975; Parkin and Speece, 1982; Widdowson et al., 1988; Essaid et al., 1995) and are given by (Kindred and Celia, 1989; Chen et al., 1992) :
where k b m is the biomass inhibition constant (ML −3 ), k C I the inhibition constant of the inhibiting substances (ML −3 ) and C I is the aqueous concentration of the inhibiting substances (ML −3 ). The total reaction rate for species k is equal to the sum of the rates for all processes in which the species k is involved, hence
where y p k is the specific uptake coefficient of species k for reaction process p. When the solute is the primary substrate, y p k is equal to 1. Otherwise, it is the ratio of solute k relative to the primary substrate for reaction process p.
Microbial metabolism is assumed to be limited by the existence of either organic carbon, dissolved oxygen or nitrogen (ammonium or nitrite or nitrate). The rate of biomass growth for each microbial population is expressed as (Molz et al., 1986; Kindred and Celia, 1989) :
where Y m is the microbial yield coefficient for bacteria m when mediating reaction process p (M/M) and d m is the specific biomass death or maintenance rate constant (1/T).
Nitrogen transformations and transport
Ammonium oxidation to nitrite can be written as (Reddy and Patrick, 1975) :
Nitrite oxidation to nitrate can be written as (Reddy and Patrick, 1975) :
The kinetic equations for nitrification have the following form.
where r 1 is the substrate utilization rate by ammonium oxidation process 1 (mg/(l day)), r 2 the substrate utilization rate by nitrite oxidation process 2 (mg/(l day)), µ nit 1 max the maximum substrate utilization rate for nitrification, whereby ammonium-nitrogen is converted to nitrite-nitrogen (l/day), µ nit 2 max the maximum substrate utilization rate for nitrification, whereby nitrite-nitrogen is converted to nitrate-nitrogen (l/day), X 1 the concentration of autotrophic ammoniaoxidizing biomass (mg/l), X 2 the concentration of the autotrophic nitrite-oxidizing biomass (mg/l); K NH 4 , K NO 2 and K O 2 the half-saturation constants for NH 4 + , NO 2 − and O 2 (mg/l) and k b 1 and k b 2 are the ammoniaoxidizing and nitrite-oxidizing biomass inhibition constants (mg/l).
Dissolved organic carbon is the source of microbial and nitrate reaction, and is assumed to be non-volatile subject to sorption (Jardine et al., 1992) . In this paper, the organic compounds are represented by the simplified chemical formula CH 2 O, and assumed to be degraded by heterotrophic microorganisms aerobically. When coupled with oxidation of DOC, the overall reaction for denitrification is:
In general, denitrifying enzyme inhibition is assumed to be reversible and non-competitive in nature (Widdowson et al., 1988) . The kinetic equations for denitrification have the following form.
where r 3 is the substrate utilization rate by denitrification (mg/(l day)), µ denit max the maximum substrate utilization rate for denitrification, whereby nitrate-nitrogen is reduced to nitrogen gas (l/day); K CH 2 O , K NO 3 the half-saturation constants for CH 2 O and NO 3 − (mg/l), X 3 the heterotrophic biomass concentration (mg/l) and k b 3 and k O 2I are the heterotrophic biomass and oxygen inhibition constant (mg/l).
The above reaction kinetics are combined with the coupled transport equations in the saturated zone as follows: 
These reaction kinetic equations were used to model the coupled denitrification processes.
Dissolved organic carbon and dissolved oxygen transport
The nitrogen losses through denitrification processes require a suitable carbon substrate to support the biological activity in the saturated zone. The biodegradation of organic compounds is represented as an oxidation reaction mediated by a microbial population. The stoichiometry of DOC oxidation can be written as:
The kinetic equations for DOC oxidation have the following form.
where r 4 is the substrate utilization rate by denitrification (mg/(l day)), µ oxid max the maximum substrate utilization rate for organic carbon oxidation (l/day).
The fate and transport of DOC in a multidimensional saturated porous media can be written as:
where [CH 2 O] represents the concentration of DOC (mg/l) and R CH 2 O is the retardation factor of DOC. After using the operator-split method, the biochemical reaction kinetics included in the DOC transport equations can be expressed as:
The fate and transport of dissolved oxygen in a multi-dimensional saturated porous media can be written as: After using the operator-split method, the biochemical reaction kinetics included in the dissolved oxygen transport equations can be expressed as:
Microbial reactions
In this work, the microbial population was conceptualized as having three types of microbial biomass that involve autotrophic ammonia-oxidizing bacteria, autotrophic nitrite-oxidizing bacteria and heterotrophic bacteria. The equations for the growth rate of the biomass have the following form:
where Y 1 , Y 2 and Y 3 are the microbial yield coefficients for the autotrophic ammonia-oxidizing bacteria, autotrophic nitrite-oxidizing bacteria and heterotrophic bacteria (mg biomass/mg substrate), respectively, and d 1 , d 2 and d 3 are death or maintenance rate constants (l/day) of the autotrophic ammonia-oxidizing bacteria, autotrophic nitrite-oxidizing bacteria and heterotrophic biomass. The fate and transport model presented above includes six aqueous species and three attached species, and the reaction model was implemented into the RT3D software as a reaction package to perform field simulations of nitrogen and microbial species distributions. The details of the computational procedure used within the RT3D code are discussed elsewhere (Clement et al., 1998 (Clement et al., , 2000 .
Model verification
To verify that the proposed model adequately describes the fate and transport behavior of the nitrogen compounds, dissolved oxygen, dissolved organic carbon and biomass, as it undergoes reaction, onedimensional verification examples are presented.
The verification simulations are compared with the modeling results of Widdowson et al. (1988) where (Widdowson et al., 1988) . The column length is 50 cm, and the node spacing is 0.5 cm. Hydrodynamic properties and numerical parameters are given in Table 1 . In the second simulation, the initial substrate, oxygen, nitrate and biomass concentrations are assumed to be 1.0, 2.0 and 5.0 mg/l, and 3.64 × 10 −3 mg/cm 3 , respectively, and to be uniform across the domain. The substrate, oxygen, nitrate and biomass concentrations at the left boundary of the domain are fixed at 20.0, 2.0 and 5.0 mg/l, and 3.64 × 10 −3 mg/cm 3 , respectively. The concentration gradient for all solutes is fixed at zero for the right boundary condition. The Monod kinetics reaction parameters used for this case are listed in Table 2 . The results are similar to the first case except in that this case does not include biomass growth. The simulation time is 8 days and the time step size 0.08 days. Simulation results indicated that the model conserved mass well. The overall mass balance error at the end of the 8 days is about 0.15%. The concentration profiles for t = 4 and 8 days are plotted in Fig. 2 . The second simulation shows ammonification based on the governing equations presented previously. The initial substrate, oxygen, ammonia and biomass concentrations are assumed to be 1.0, 2.0, 6.0 and 0.565 mg/l, respectively, and to be uniform across the domain. The substrate, oxygen, ammonia and biomass concentrations at the left boundary of the domain are fixed at 10.0, 2.0, 6.0 and 0.565 mg/l, respectively. The concentration gradient for all solute is fixed at zero for Tables 1 and 3 . Simulated concentration profiles for dissolved oxygen, ammonia and substrate are presented in Fig. 3 . The simulation time is 12 days and the timestep size 0.12 days. The overall mass balance error at the end of the simulation period is about 0.14%. Results indicated that the model conserved mass well. In both cases the model results compared favorably.
Simulation of nitrogen transport at a field site

Field site description
The Vasse Research Station is operated by the Western Australian Department of Agriculture and is located southwest of Western Australia (Fig. 4) . The Vasse Research Station is located within a coastal plain that is flat and gently undulating. A superficial aquifer is developed in the Geographe Bay Catchment that contains the Vasse Research Station. The superficial aquifer comprises a clay and silt layer overlain by a veneer of a sand layer. The water table in the unconfined sand aquifer closely parallels the land surface. (Fahrner, 2002) .
Groundwater recharge is mainly by direct infiltration of rainfall. The rainfall of the Busselton region for the last 100 years ranges from 1100 mm/year in the west to 700 mm/year in the east (Fahrner, 2002) . The Research Station contains a cattle feedlot, which has operated intermittently since its construction in 2000. Fahrner (2002) provided a comprehensive review of the nitrogen contamination at this site and provided a detailed dataset for characterizing the performance of a groundwater bioremediation trench (GBT) used for controlling the nitrogen problem. In April 2001, the GBT, which was filled with a mixture of sand and sawdust, was constructed by the Water Corporation of Western Australia. Sawdust GBT assumes that nitrate contaminants can be bioremediated by providing excess carbon. Nitrate concentrations in groundwater monitoring bores at the feedlot site ranged from 2.1 to 180 mg/l nitrate-nitrogen prior to the construction of the trench. Average nitrogen loading to the trench is about 1767 kg N/year based on mean nitrate-nitrogen concentrations of 63 mg/l down-gradient from the feedlot. The GBT was constructed between the feedlot and a local groundwater discharge drain. A trench (170 m long and 1.5 m wide) was excavated through sand to a clay layer approximately 1.5-2 m deep. The excavated soil was mixed with 160 m 3 of sawdust using a large excavator (ratio of soil to sawdust 30:70). The sawdust was fresh, untreated Pinus radiata and generally <5 mm in diameter. The soil/sawdust mix was then returned to the trench to form the groundwater bioremediation trench. The trench was created in April 2001 when the groundwater table was at its lowest to minimize construction difficulties. Three parallel transects of groundwater bores were installed, to the depth of the clay hardpan, parallel to the bioremediation trench. In the simulation domain, one transect of 15 bores was located up-gradient of the trench (parallel to the GBT), another transect of 15 bores within the trench and the final transect of 14 bores down-gradient from the trench. The locations of the bores are shown in Fig. 5 with hydraulic head contours. All groundwater monitoring bores were sampled monthly for nutrient analysis between May 2001 and April 2002. The monitoring program was rationalized after 12 months of data had been collected to reduce monitoring costs. A reduced selection of bores, chosen to best represent the function of the trench based on previous groundwater analysis data, was sam- 
Groundwater flow simulation
Two-dimensional numerical simulation is carried out using MODFLOW. The model domain for the present study is a 160 m × 28 m section with 20 m thick and the grid consists of 80 grids in the x-direction, 70 grids in the y-direction and 1 grid in the z-direction. Grid spacing is 2 m, and 0.4 m in the x-and in the ydirection, respectively.
Specified head boundaries were used along the up and down borders of the model grid to simulate the groundwater flow pattern measured at the site. Details of the aquifer hydrology, geometry and transport parameters are given in Table 4 .
The aquifer comprises sand overlying clay with the sand layer ranging in thickness from 1.89 to 1.26 m. The aquifer is deepest in the northeast (1.89 m) and becomes thinner to the southwest (1.26 m). respectively. The model error is within a reasonable level.
Reactive transport simulation
The reactive transport simulation was run with a time step of 0.5 days to a total time of 1000 days. In this study, six biogeochemical reaction zones were assumed to be present at the site. The reaction zone approach used in this work is based on the large amount of site-specific data. The Vasse Research Station site is contaminated with nitrogenous compounds from the manure disposed at the feedlot. Fig. 7 shows six biogeochemical reaction zones discretized at the site.
The source area was divided into five zones based on the field data: zone 1 to zone 5. The other area besides the source zones is zone 6 and it covers most of the model domain down-gradient from the source zone. Concentrations of nitrogen compounds and DOC of the source zones increase from zone 1 to zone 3 as the peak and then they decrease toward zone 5. That is, zone 3 has the highest concentrations and zone 1 and zone 5 have relatively lower concentrations while et al. (1987) , Baek et al. (1989) , Kinzelbach et al. (1991) Y 2 0.5 Henze et al. (1987) , Baek et al. (1989) , Kinzelbach et al. (1991) Y 3 0.5 Henze et al. (1987) , Baek et al. (1989) , Kinzelbach et al. (1991) in this zone the initial NH 4 + , NO 2 − , NO 3 − and DOC concentrations were specified as zero, as background concentration in the aquifer was below the detection limit. The initial DO concentration was specified based on field observations made outside the feedlot contaminant plume. The initial ammonia-oxidizing bacteria, nitrite-oxidizing bacteria and heterotrophic bacteria were uniformly set at 0.001, 0.001 and 0.1 mg/l, respectively, over the entire domain.
Boundary conditions were specified as zero concentration gradient for all constituents at each side of the model grid except for the source zone. In the source zone, concentrations for all model constituents were set equal to the initial condition and held constant over time.
The composition of feedlot waste is obtained from the monitoring data. It is assumed that the effluent is completely devoid of dissolved oxygen and molecular nitrogen (N 2 ). In the model, molecular nitrogen is used only as an indicator of the occurrence of denitrification. This assumption of no molecular nitrogen in the wastewater does not affect the other reactive species (MacQuarrie and Sudicky, 1997).
Monod kinetics reaction parameters are given in Table 5 . Most of the biogeochemical kinetic parameters are obtained from the literature, and thus are independent input data for the reactive transport simulation.
Trial and error adjustment of the initial microbial population density, maximum substrate utilization rate and initial DOC concentration was required to calibrate the reactive transport model to the solute concentration distribution collected after trench installation. Model calibration was evaluated by comparing simulated concentrations with field data. The observed concentration distributions of four reactive species are shown in Fig. 8(a-h) . These fieldmeasured concentration contours are compared with the model-predicted concentration contours for NH 4 + , NO 2 − , NO 3 − and DO. Comparison in Fig. 8 shows that the calibrated model is able to reproduce the general patterns of NH 4 + , NO 2 − , NO 3 − and DO concentration plumes. However, field-measured nitrite and nitrate concentrations were slightly higher than the modelpredicted values. Fig. 8(a-d) show that an extensive nitrite plume of the highest concentration coincides with the edges of the NH 4 + plume corresponding to the nitrification of ammonium to nitrite. Nitrification requires dissolved oxygen, so autotrophic bacteria increased from an initial value of 0.001 mg/l in the western portion of the domain. Consequently, nitrite concentration increased near the western portion of the domain. Results indicated that the model conserved mass well. The overall mass balance error at the end of 1000 days of simulation is about 0.09% (see Table 6 ).
In Fig. 9(a-c) , the computed isolines for N 2 , DOC and biomass concentrations 426 days after the beginning of the remediation are shown. Ammonium mass in the system increases nearly linearly and later starts to decrease as a result of increases in the ammonia-oxidizing bacteria. Finally, the ammonium mass remains constant, which indicates that steady state conditions have been achieved. Due to low initial nitrifying biomass, the generation of nitrate is delayed. After this short lag time, the nitrate concentration increases. But after 431 days, the nitrate concentration was reduced gradually, and was less than 10 mg/l around the trench at 468 days. Reductions in nitrate are considered to be from microbial denitrification. This is supported by a high correlation between nitrate and molecular nitrogen concentrations where molecular nitrogen release increases from the system.
The denitrifying bacteria that mediate the denitrification process require an organic carbon source to metabolise nitrate. The possible sources of this organic carbon are dissolved organic carbon originating from the manure in the feedlot, and solid organic carbon, supplied to the system in the form of sawdust. Fig. 9(b) shows that denitrifying bacteria increased in and around trench and feedlot. Generally, the GBT using sawdust assumes that organic carbon is depleted in the environment in which the nitrate plume is located, thus providing a source of carbon, sawdust is expected to enhance microbial denitrification. The simulation and field results show that the carbon supplied from cattle manure is not a sufficient source of carbon for microbial denitrification and hence the addition of a carbon source, such as sawdust, is required for denitrification. If the quantity of carbon within the manure were sufficient to cause complete reduction of nitrate, then the formation of a plume with high nitrate concentrations would not be expected. Since the fundamental reason this study has been conducted is due to the nitrate plume, this suggests that either the carbon from manure is not sufficient for complete denitrification or that the site conditions were not suitable for denitrification. It is suggested that the installation of the GBT would provide carbon when otherwise the carbon source from manure was limiting the denitrification process. 
Summary and conclusions
In this study, a mathematical model was developed to describe transformations and transport of nitrogen compounds in a saturated groundwater aquifer. The model was coded as a reaction module within the RT3D framework. The model was verified by comparing simulation results obtained using the code against problems previously published in the literature. Several sets of one-dimensional simulations have been run to check the self-consistency, feasibility and physical reasonableness of the model before the field application. These simulations show that the model provides physically reasonable results. The developed nitrogen transformations and transport model were then used to simulate the behavior of the major reactive nitrogen species at the Vasse Research Station, Busselton, Western Australia. The model was used to reproduce the field data for ammonia, nitrite, nitrate and dissolved oxygen concentrations. The model simulation results for the major reactive species are compared with data from the site to apply the model in a predictive mode. The results show close agreement between the simulated and measured concentrations for nitrogen compound and dissolved oxygen. It is concluded that the developed model is a rigorous, practical and useful forecasting tool, which can be used to simulate the fate and transport of nitrogen species in groundwater systems. It can also be used to design remedial systems such as bioremediation trenches.
